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Abstract  64 

The accidental release of hydrocarbons has well-documented, deleterious impacts on the 65 

hydrosphere. There are several classes of toxic petroleum derived compounds, such as 66 

naphthenic acids (NAs) and polycyclic aromatic hydrocarbons (PAHs), which may present a 67 

contamination hazard in the event of an oil spill. We examine the aqueous-phase concentrations 68 

of these trace contaminants using a direct sampling, on-line, rapid screening technique known as 69 

condensed-phase membrane introduction mass spectrometry (CP-MIMS). Water samples having 70 

a range of pH and salinity were equilibrated with either diluted bitumen (DB) or conventional 71 

crude (CC) oil. CP-MIMS is employed to directly measure concentrations and isomer class 72 

profiles of classical NAs in the aqueous phase using electrospray ionization in negative-ion mode 73 

as [M-H]–. Aqueous PAH concentrations are monitored using CP-MIMS coupled to liquid 74 

electron ionization (LEI) source in positive-ion mode using selected ion monitoring (SIM) of the 75 

molecular ion (M+). Aqueous NA concentrations are observed to be highly pH-dependent, and 76 

are an order of magnitude greater in water samples contaminated with DB compared to CC. 77 

Conversely, aqueous concentrations of naphthalene and alkyl-naphthalenes are found to be 78 

greater in water samples exposed to CC. Principal component analysis of data generated from 79 

CP-MIMS for the NA profile in the aqueous phase enables discrimination of DB and CC as 80 

contaminant sources. In addition, we describe the use of online membrane sampling for real-81 

time, direct detection of NAs and PAHs in the same sample. These compound classes are 82 

distinguished by both their perm-selectivity behaviour at the membrane and the ionization mode 83 

at the instrument. The in-situ analysis of trace organics in water with a simple workflow 84 

described here lays the foundation for applications of direct mass spectrometry to rapid screening 85 

of large sample sets and monitoring of aqueous-phase contamination and remediation processes 86 

in real-time. 87 

  88 
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1. Introduction  89 

The oil sands deposits in northern Alberta, Canada represent a significant hydrocarbon resource, 90 

consisting of a complex mixture of mineral solids, water, and bitumen—a very heavy petroleum 91 

product (Mossop, 1980; Strausz and Lown, 2003). Shallow deposits are typically surface mined 92 

whereupon bitumen is recovered by using a modified Clark warm water extraction process 93 

(Clark and Pasternack, 1932; Masliyah et al., 2011; Masliyah et al., 2013). Bitumen contained in 94 

deeper deposits is often extracted in situ, for instance, by steam-assisted gravity drainage, 95 

whereby pressurized steam is injected into the subterranean deposit to reduce the bitumen’s 96 

viscosity and allow it to flow back to the surface where it can be separated from water 97 

(Czarnecki, 2001; Mullins et al., 2007). In either case, the viscous bitumen is ultimately diluted 98 

with lighter hydrocarbons, such as natural gas condensate, to lower its viscosity and enable 99 

pipeline transportation to upgraders and refineries (Czarnecki, 2001; Long et al., 2002; Masliyah 100 

et al., 2013; Mullins et al., 2007). 101 

 102 
Diluted bitumen (DB) contains a complex mixture of hydrocarbons and heteroatom-containing 103 

organic molecules of varying size, including several classes of toxic components that may 104 

present contamination hazards when introduced into aquatic environments (Dew et al., 2015; 105 

Masliyah et al., 2013). These toxic components include naphthenic acids (NAs) and polycyclic 106 

aromatic hydrocarbons (PAHs). The aquatic behaviour of DB differs from that of better-studied 107 

conventional crude (CC) oils, such as those released during the Exxon-Valdez and Deepwater 108 

Horizon spills. Therefore, response and remediation techniques for spills of DB can differ 109 

substantially from those of CC (Lee et al., 2015). When DB is spilled onto the surface of water, it 110 

initially floats because its maximum permissible pipeline transportation density (940 kg/m3) is 111 

less than that of water (Fischer et al., 2008). However, with time, weathering of DB allows a 112 

portion of its lighter diluent content to evaporate. Evaporative loss of light oil components 113 

increases the density of the bulk oil, potentially allowing a portion to submerge or sink, 114 

particularly in turbulent waters with high concentrations of suspended mineral fines which 115 

adhere to dispersed oil droplets and form dense oil-mineral aggregates (Hua et al., 2018; King et 116 

al., 2014; Stoyanovich et al., 2019). Because DB is much more viscous than CC, it is much less 117 

responsive to chemical dispersant application, particularly after weathering has occurred to any 118 

appreciable extent (Yang et al., 2018). There is a growing body of literature describing 119 
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investigations of appropriate spill response for DB (King et al., 2017), as well as the potential 120 

effects of spills off the coast of British Columbia, Canada, where increased tanker traffic is 121 

anticipated given the expansion of the Trans Mountain Pipeline (Johannessen et al., 2020). While 122 

the physical impacts of bulk spilled oil are an inherent cause for concern, questions have also 123 

been raised about the chemical and toxicological impacts that oil spills may have on water 124 

quality (Dew et al., 2015). Of particular concern are NAs and PAHs dissolved in the aqueous 125 

phase, which are mobile, bioavailable, and known to exhibit toxic effects on organisms (Brown 126 

and Ulrich, 2015).  127 

  128 

NAs are problematic oil components for both industrial and environmental reasons, including the 129 

corrosion of oil pipelines, upgraders and refineries, as well as their acute toxicity towards aquatic 130 

life in the mg/kg range, possibly through disruption of the mitochondrial electron transport chain 131 

(Brown and Ulrich, 2015; Rundle et al., 2018). NAs are a structurally diverse class of 132 

compounds. Historically, NAs were first identified as amphiphilic cycloalkyl carboxylic acids 133 

originally isolated from water in the acid-extractable organics fraction of heavy oils. These 134 

classical NAs came to be recognized as carboxylic acids bearing any type of hydrocarbyl 135 

substituent and characterized by the formula CnH2n+ZO2, where n is the carbon number (typically 136 

10 to 20) and Z is the hydrogen deficiency due to the presence of rings and/or double bonds 137 

(typically Z = –2 to –10). The definition of NAs has recently been expanded to include an even 138 

broader diversity of compounds containing heteroatoms, aromatic moieties, and other functional 139 

groups, often referred to as “naphthenic acid fraction compounds” (Headley et al., 2016). 140 

Classically-defined NAs have been shown to be acutely toxic in the low mg/kg range (Hughes et 141 

al., 2017), and have been demonstrated to disrupt the endocrine system at sublethal doses 142 

(Brown and Ulrich, 2015). NAs present a significant analytical challenge because of their 143 

enormous chemical complexity (up to 30,000 individual compounds have been reported), and the 144 

lack of an appropriate universal analytical standard for quantitation (Kovalchik et al., 2017). On 145 

the other hand, PAHs are a relatively well-defined and discrete analyte class, consisting of 146 

molecular structures based on fused aromatic rings. PAHs are well-studied carcinogens that are 147 

routinely screened as 16 priority PAHs by gas chromatography-mass spectrometry (Stout et al., 148 

2015). In recent years, interest in various alkyl-substituted PAHs (e.g. C1 - C4) has been 149 
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growing in terms of their potential toxicity and use as forensic markers (Ahad et al., 2015; 150 

Ramirez et al., 2014; Stout and Wang, 2016).  151 

 152 
Numerous studies have investigated the bulk release of petroleum into water systems. Recent 153 

work by Yang et al. investigated the aquatic behaviour of DB in the presence or absence of 154 

suspended sediments (Yang et al., 2018). Hounjet et al. conducted a systematic study of DB and 155 

CC phase distributions in aquatic systems over a range of pH and salinity in which they reported 156 

that both DB and CC released more total oil content (alkanes) to the aqueous phase at lower 157 

salinity and higher pH (Hounjet et al., 2018). For greater chemical specificity and source 158 

identification, techniques such as Fourier-transform ion cyclotron resonance mass spectrometry 159 

(FT-ICR-MS) and GC-MS have been used for environmental forensics based on polar (e.g. NAs) 160 

and non-polar (e.g. PAHs, alkanes) chemical profiles, respectively (Bayona et al., 2015; Corilo et 161 

al., 2013; Headley et al., 2016; Lemkau et al., 2010). After the San Francisco MV Cosco Busan 162 

oil spill, both techniques were used to determine the aqueous concentrations of polar (Corilo et 163 

al., 2013) and non-polar (Lemkau et al., 2010) components indicative of tank leakage. Eide et al. 164 

used electrospray ionization mass spectrometry (ESI-MS) to differentiate between several bio-oil 165 

preparations as well as marine diesel, auto-diesel, and jet fuel (Eide and Neverdal, 2014). These 166 

techniques provide detailed information about structurally-unique molecular components of 167 

samples due to their high mass and/or chromatographic resolution, providing a comprehensive 168 

‘fingerprint’ with which to differentiate source oils. However, these approaches often require 169 

arduous sample clean-up steps to reduce or remove interfering matrix components. Such 170 

methods are, therefore, not amenable to in situ analysis. In the case of accidental release of 171 

petroleum into water, there is a compelling need to quickly and accurately identify the source oil 172 

in order to guide response actions and/or inform remediation efforts.  173 

 174 

Condensed-phase membrane introduction mass spectrometry (CP-MIMS) is a rapid screening 175 

method, which has been employed to directly measure aqueous NAs and PAHs in situ (Duncan 176 

et al., 2016a; Termopoli et al., 2016; Vandergrift et al., 2019). The technique uses a 177 

semipermeable hollow fiber membrane (typically polydimethylsiloxane), which is directly 178 

immersed into a liquid or slurry sample. The membrane rejects ionized matrix components and 179 

particulate matter while allowing hydrophobic analytes to permeate through and dissolve into a 180 
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flowing acceptor phase solvent (Krogh and Gill, 2018). The acceptor phase (typically methanol), 181 

containing the membrane-permeable fraction of the sample, is then infused into an appropriate 182 

ionization source, often electrospray or liquid electron ionization (Termopoli et al., 2019a; 183 

Vandergrift et al., 2020), to provide real-time results, which can be employed to provide both 184 

qualitative and quantitative data. This method has been applied to a wide range of analytes and 185 

sample matrices, including pharmaceuticals in wastewater (Duncan et al., 2016b), fatty acids in 186 

salmon tissue (Borden et al., 2019), NAs in water (Duncan et al., 2016a) and constructed 187 

wetlands (Duncan et al., 2020), PAHs in water and soil samples (Termopoli et al., 2016; 188 

Vandergrift et al., 2019), and the determination of acid dissociation constants of trace organic 189 

contaminants in aqueous solutions (Feehan et al., 2019). 190 

 191 
Herein, we determine aqueous-phase concentrations of NA and PAH contaminants in 192 

constructed water samples containing DB and CC oil over a range of salinity and pH. We do so 193 

by employing CP-MIMS, a rapid sampling and analysis method that uses on-line membrane 194 

extraction coupled directly to a mass spectrometer without sample clean-up or chromatographic 195 

separation. 196 

2. Materials and Methods  197 

2.1 Preparation of Oil-Contaminated Water Samples 198 
 199 
Samples were prepared by Natural Resources Canada (NRCan). A stock solution of synthetic 200 

marine water was prepared by dissolving NaCl, Na2SO4, KCl, NaHCO3, MgCl2, and CaCl2 in 201 

deionized water (18 MΩ·cm, 0.055 μS/cm) to the concentrations reported by Kester (Kester et 202 

al., 1967). The resulting synthetic marine water stock solution had a measured electrical 203 

conductivity of ~50 mS/cm, comparable to that of natural seawater in the Pacific northwest ca. 204 

40 mS/cm (Tyler et al., 2017). Water types of varying salinity were then prepared by diluting 205 

aliquots of the marine water stock solution with deionized water by factors of 10, 100, and 1000 206 

to prepare synthetic brackish, fresh, and very fresh water types, respectively. Sub-samples of 207 

each were adjusted to pH = 2, 5, 8, 10, and 12 using HCl, NaHCO3, and NaOH, as needed. Due 208 

to precipitation of alkaline earth salts from marine water adjusted to pH 10 and 12, and from 209 

brackish water adjusted to pH 12, these samples were instead prepared with only NaCl to give 210 

electrical conductivities that were similar to the other marine and brackish water samples (50 and 211 
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5 mS/cm, respectively; Table S1). The petroleum products, Cold Lake Blend diluted bitumen 212 

(DB) and Mixed Sweet Blend conventional crude (CC), were obtained from pipelines in the 213 

Edmonton, Alberta area and stored at 15 °C in well-sealed containers prior to use. Oil-214 

contaminated water samples were prepared by adding 2 g of either DB or CC to 20 mL of each 215 

water type in a 40 mL sample vial (2 oil types × 4 salinities × 5 pHs = 40 samples; Figure 1). The 216 

vials containing the oil and water mixtures were agitated, then left sealed and undisturbed at 217 

room temperature for about two weeks before storing at 4 °C until analysis (Table S1). 218 

 219 
In addition, several well-buffered water samples were prepared to maintain a constant pH in the 220 

oil-contaminated water samples. Buffer solutions were prepared at pH 5.05 (glutamic acid; 221 

Aldrich Chemical Co., Oakville, ON), 8.76 and 10.47 (both glutamine, BDH Chemicals, Poole, 222 

England). Amino acid buffers were used because of their compatibility with direct CP-MIMS 223 

analysis; at pH 3, the buffer components remain ionized in solution, and therefore are 224 

impermeable to the polydimethylsiloxane (PDMS) membrane, and so do not interfere with ESI 225 

analyses. Buffers were adjusted to the desired pH levels using aqueous 3 M HCl (Fisher 226 

Scientific, Ottawa, ON) and NaOH (Fisher Scientific), and maintained a buffer capacity of 10–25 227 

mM. The pH of these buffer solutions was measured before and after addition of oil to samples 228 

using an Accumet AR20 pH meter (Fisher Scientific, Ottawa, ON) with an Accumet 13-620-229 

108A glass electrode (Fisher Scientific), calibrated at pH 2.00, 4.00, 7.00, and 10.00 using 230 

commercial calibration buffers (Fischer Scientific). Stock oil (2 mL supplied as 50/50 v/v in 231 

toluene) was added to 20 mL of the buffered aqueous solution and allowed to equilibrate at room 232 

temperature for two weeks. 233 

 234 

Sample analysis began with transferring an aliquot of the aqueous phase via pipette into a clean 235 

40 mL TOC vial. To minimize uptake of oil phase along with the aqueous phase, positive 236 

pressure was applied to the pipette as it passed through the oil-water interface, and the pipette tip 237 

was wiped clean before delivering the aliquot into the receiving vessel. The aliquot was then 238 

diluted gravimetrically by factors of 3 to 150 with 18 MΩ·cm deionized water (Facility Scale 239 

Reverse Osmosis/Ion Exchange Water Purification System, Applied Membranes Inc., Vista CA, 240 

USA) prior to direct analysis to bring samples into the linear dynamic range (0.010–1.0 mg 241 

NAs/kg). For NA analysis, the pH of the sample was adjusted to 3 using 6 M HCl to protonate 242 
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carboxylate ions (i.e., ensure that they were converted into neutral carboxylic acids) for 243 

membrane permeation, whereas for PAH analysis, the sample was adjusted to pH 10 using 3 M 244 

NaOH, to prevent the permeation of carboxylic acids. 245 

 246 
2.2 CP-MIMS Analysis of NAs and PAHs 247 
 248 
Both NAs and PAHs were measured directly in the diluted aqueous phase by CP-MIMS (Figure 249 

1). CP-MIMS probe construction and design has been described elsewhere (Duncan et al., 2011; 250 

Duncan et al., 2020; Duncan et al., 2015; Vandergrift et al., 2017; Vandergrift et al., 2019). 251 

Briefly, an immersion probe consisting of a short length (typically 2–8 cm) of a capillary hollow 252 

fibre PDMS membrane (Dow Corning, Midland, MI, USA, Silastic Tubing, ID: 0.30 mm, OD: 253 

0.64 mm) was mounted at both ends onto 22-gauge stainless steel hypodermic tubing. The ends 254 

of the hypodermic tubing were attached to polyether ether ketone (PEEK) tubing using zero dead 255 

volume stainless steel unions (Valco Fittings, Vici, Brockville, ON). An organic acceptor phase, 256 

15/85 heptane/MeOH (v/v), was flowed through the membrane probe and directly into the mass 257 

spectrometer at a flow rate of 50 μL/min using a syringe pump (Chemyx Fusion 100, Stafford, 258 

TX). 259 

 260 
Figure 1. Schematic diagram of experimental design, CP-MIMS instrumental set-up, and 261 
example results. Bottom left: Systematic series of oil-contaminated water samples at four 262 
salinities and five initial pHs, for a total of twenty water types for each CC oil and DB. Middle: 263 
CP-MIMS instrumental setup-A syringe or HPLC pump delivers an acceptor phase solvent at 50 264 
µL/min through the membrane lumen, which is immersed in the aqueous sample. Top right: 265 
Example CP-MIMS chronogram for NA analysis (y-axis represents the sum of 27 m/z 266 
representing 95% of the standard NA mixture. Signal intensity is at baseline in a blank solution, 267 
when analyte-free acceptor phase reaches the MS. When the membrane probe is immersed in a 268 
sample or standard solution, the signal intensity rises due to the presence of a membrane-269 
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permeable analyte in the acceptor phase. Bottom-right: Example CP-MIMS chronogram for 270 
PAH analysis. Stopped-flow methodology is used, so analytes reach the MS as a concentrated 271 
slug and sample concentrations are calculated from a calibration curve of the peak height. 272 
 273 
 274 
2.3 Analysis of NAs 275 
 276 
The ESI mass spectra of unresolved NAs from oil-contaminated water samples were measured in 277 

negative-ion mode as [M–H]– on a triple quadrupole mass spectrometer (Perkin-Elmer QSight 278 

220, Boston, MA, USA). Qualitative data was collected between m/z 100 and 500 with: step size 279 

of 0.5 m/z, dwell time of 1 msec at each step, and cone voltage of –20 V. The NA quantitation 280 

was carried out by comparing these spectra to those of a commercial mixture of NAs (Merichem 281 

Company, Houston, TX). The commercial mixture of NAs is hereafter referred to as “Merichem 282 

NAs.” While this mixture has been shown to contain thousands of individual NAs (Grewer et al., 283 

2010), we observe that greater than 95% of the signal intensity is accounted for by 27 nominal 284 

mass-to-charge ratios, ranging from m/z 157 to 279 (See Figure S1). Thus, all quantitation was 285 

carried out using selected-ion monitoring (SIM) of these 27 m/z with cone voltage of –30 V and 286 

a 50 msec dwell time at each. The full list of mass-to-charge ratios used for quantitation and 287 

other electrospray parameters appears in Table S2.  288 

 289 
To account for any changes in MS sensitivity due to drift and/or ESI-ionization suppression from 290 

matrix interference or high analyte loadings, a 5 ppb lauric acid-d2 (Sigma-Aldrich, Oakville, 291 

ON) internal standard was included in the acceptor phase and monitored at m/z 201 (dwell time = 292 

500 msec, cone voltage –22 V). The overall signal intensity was then corrected during 293 

quantitation with the formula (Duncan et al., 2015): 294 

 295 

𝑆𝑆′𝑡𝑡 = 𝑆𝑆𝑡𝑡 × 𝐼𝐼𝑆𝑆𝑚𝑚𝑚𝑚𝑚𝑚
𝐼𝐼𝑆𝑆𝑡𝑡

     Equation (1) 296 

 297 

where 𝑆𝑆′𝑡𝑡  is the corrected signal intensity (Σ 27 SIMs) at a time t of the chronogram, 𝑆𝑆𝑡𝑡 is the 298 

averaged raw signal intensity (Σ 27 SIMs) at a time t, 𝐼𝐼𝑆𝑆𝑚𝑚𝑚𝑚𝑚𝑚 is the maximum signal intensity for 299 

the internal standard (m/z 201), and 𝐼𝐼𝑆𝑆𝑡𝑡 is the signal intensity of the internal standard at a time t. 300 

 301 
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The concentration of NAs in an oil-contaminated sample is expressed as an equivalent amount of 302 

Merichem NAs giving rise to the same signal intensity in the Σ 27 SIMs. A calibration curve 303 

constructed using four Merichem standards with concentrations of 0–1000 µg/kg, showed good 304 

linearity (R2 > 0.99, see Figure S2) and were used for NA quantitation. The measured signal 305 

intensities for each standard and sample were averaged over 3–5 minutes of steady-state signal 306 

(Figure 1), then the baseline was subtracted to determine 𝑆𝑆𝑡𝑡. Sample 𝑆𝑆𝑡𝑡 values were then 307 

corrected as above to the corresponding 𝑆𝑆′𝑡𝑡 values. 308 

 309 
2.4 Analysis of PAHs 310 
 311 
PAHs were analyzed using an Agilent 5975 GC-MS (Agilent Technologies Incorporated, Santa 312 

Clara, CA, USA) with a liquid electron ionization (LEI) source. This technique has been 313 

described elsewhere (Termopoli et al., 2019b; Vandergrift et al., 2019). Briefly, an 8 cm length 314 

of PDMS membrane was mounted on a CP-MIMS direct immersion probe and the acceptor 315 

phase was passed through the membrane lumen at 50 μL/min using an HPLC pump (Agilent 316 

1100 Series, Agilent Technologies Incorporated). The outflow from the membrane was passed 317 

through a passive flow splitter (ca. 250:1), where most of the acceptor phase was directed to 318 

waste and a nanoflow of ca. 500 nL/min was transferred to the LEI interface. The LEI interface 319 

consisted of a silica capillary (ID: 30 μm, OD: 150 μm) inserted 2 mm into the heated MS 320 

transfer line of the GC-MS system. The length of the MS transfer line was lined with an 321 

additional silica capillary (OD: 800 μm, ID: 400 μm). The combined action of heating from the 322 

MS transfer line and nebulization from a coaxial flow of He gas (1.0 mL/min) enacted the 323 

vaporization of the acceptor phase and any analytes therein. Liquid flow stability in this system 324 

was monitored via the source pressure gauge of the mass spectrometer which remained at 325 

1.2(±0.1) x 10–4 Torr throughout all experiments. MS parameters were: Source temperature = 326 

200 °C, ionization energy = 70 eV, MS transfer line temperature = 350 °C.  327 

 328 

To enhance sensitivity, CP-MIMS-LEI measurements were performed in stopped-flow mode 329 

(Duncan et al., 2011; Krogh and Gill, 2018; Vandergrift et al., 2020). To do so, a 6-port valve 330 

system was included directly upstream from the passive flow splitter. The CP-MIMS probe was 331 

plumbed in as an injection loop. To perform a measurement, the valve was set to bypass the CP-332 

MIMS probe (which was filled with acceptor phase), and the probe was directly immersed into a 333 
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sample or standard. After 150 s of immersion, the valve was switched, allowing acceptor-phase 334 

solvent to flow through the membrane lumen. This stopped-flow approach allows more time for 335 

analytes to partition into and across the membrane, accumulating more analyte prior to analysis. 336 

This approach generates a concentrated plug of analyte, which manifests as a distinct peak in the 337 

MS chronogram (Figure 1). To quantify PAHs in oil-contaminated samples, we calibrated their 338 

corresponding peak heights after a 150 s stopped-flow experiment using combined standards of 339 

naphthalene, anthracene, and pyrene. The risetime of the PAHs studied here is less than 90 s 340 

(Vandergrift et al., 2019), so the stopped flow experiments represent a similar analytical duty 341 

cycle to continuous flow mode with a 4-fold increase in sensitivity (Figure S4). PAHs and alkyl-342 

PAHs were detected in SIM mode at unit mass resolution, with a 200 msec dwell time for each 343 

m/z. A summary of the m/z ratios used for PAH and alkyl-PAH monitoring is shown in Table S3. 344 

Naphthalene, anthracene, and pyrene isomer classes were measured at m/z 128, 178, and 202, 345 

respectively. Their alkylated (C1–C4) analogues were measured in positive ion mode at M+14 346 

(C1), M+28 (C2), M+42 (C3), and M+56 (C4). 347 

 348 

2.5 Principal Component Analysis (PCA) 349 
 350 
PCA was performed on negative-ion ESI fullscan data collected in profile mode using average of 351 

2–3 mins (30–45 scans) of steady-state signal. Raw data was exported from the Perkin-Elmer 352 

Simplicity 3Q software (Acquisition version 1.4.1806.29651, Quantitation version 353 

1.4.1806.29651) as a CSV file, which was subsequently imported into Microsoft Excel (Version 354 

16.38; Redmond, WA). In Excel, the signals observed for a blank sample of distilled water 355 

adjusted to pH 3, observed within the same experiment, were used for background subtraction. 356 

These spectra were then imported into MATLAB (Version 2019b, MathWorks, Natick, MA) and 357 

processed using the PLS_Toolbox (Eigenvector Research Incorporated, Manson, WA). Each 358 

spectrum was unit vector-normalized to remove the effect of concentration on the qualitative 359 

separation. Each m/z signal was then mean-centred to zero the average signal intensity across the 360 

sample series. After pre-processing, PCA was performed to visualize the qualitative difference 361 

between the spectra obtained from DB- and CC-contaminated samples. 362 

 363 

3. Results and Discussion 364 
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3.1 Naphthenic Acids (NAs) 365 
 366 
NA fractions isolated from crude oils are enormously complex mixtures containing thousands of 367 

distinct molecular structures of hydrocarbyl carboxylic acids, which can be independently 368 

observed at high chromatographic and mass resolutions (Bowman et al., 2019; Headley et al., 369 

2016; Hewitt et al., 2020; Ross et al., 2012). We have previously shown (Duncan et al., 2016a) 370 

that the PDMS membrane-permeable fraction of NAs consists predominantly of the O2 class 371 

(i.e., CnH2n+zO2) once the pH of the sample being analyzed is adjusted to a value less than the 372 

pKa (i.e pH < 4). In negative-ion ESI, these are observed as isomer classes at [M–H]–. Figure S1 373 

shows the mass spectra of NAs obtained from three different sources by direct CP-MIMS 374 

analysis of their acidified aqueous solutions. Each of the fullscan mass spectra derived from CC, 375 

DB, and Merichem NAs (a commercial NA standard) have an envelope of m/z peaks 376 

characteristic of NAs, with base peaks at m/z 199, 251, and 237 respectively. Each peak in a 377 

spectrum represents an individual isomer class (e.g., C15H26O2 for m/z 237). While there are 378 

some notable differences in the mass spectra, which may enable source discrimination by multi-379 

variate statistical approaches, such as PCA (Bro and Smilde, 2014; Woudneh et al., 2013), 380 

quantitation remains a challenge due to the lack of a universal standard and the complex nature 381 

of the NA analyte class (Headley et al., 2016; Kovalchik et al., 2017). In this work, the 382 

normalized signal intensities of 27 m/z, chosen to account for more than 95% of the total signal 383 

intensity observed for the Merichem standard, were used for quantitation. This use of summed 384 

signal intensities to determine total NA concentrations has previously been employed for 385 

quantitation of other NA mixtures (Duncan et al., 2020; Letourneau, 2016). While we recognize 386 

the shortcomings of using an imperfect calibrant, this challenge is not unique to the work 387 

presented here (Kovalchik et al., 2017), and provides a consistent relative approach for total NA 388 

concentrations. This method showed excellent linearity for Merichem standards in the μg/kg 389 

range with R2 ≥ 0.99 (Figure S2; estimated LOD 0.001 mg/kg), while samples contaminated by 390 

either CC or DB generated significant signal intensity among these 27 mass-to-charge ratios. 391 

Quintuplet analysis of a DB-contaminated sample yielded an RSD of 8%, similar to that reported 392 

for previous analysis of NA by CP-MIMS (Duncan et al., 2020). 393 

 394 

Figure 2 summarizes the aqueous concentrations of NAs in water samples of varying salinity and 395 

pH that have been saturated with DB or CC. In general, we observe that NA concentrations of 396 
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aqueous phases derived from DB are approximately 10 times greater than those from CC. This 397 

observation is consistent with DB having a higher total acid number (0.89 mg KOH/g ) than CC ( 398 

< 0.10 mg KOH/g) (Hounjet et al., 2018). 399 

 400 

A clear trend appears across the pH range for both DB and CC samples, with higher total 401 

concentrations of NAs appearing at higher initial pH of the water sample, as seen in Figure 2 and 402 

Table S4. The equilibrium concentration of any single NA structure in the aqueous phase is 403 

determined by the following intrinsic and extrinsic factors: 1) its oil-water partitioning 404 

coefficient (Kow), 2) its acid dissociation constant (Ka), 3) its initial concentration in the source 405 

oil, and 4) the pH of the solution at ambient temperature. The dependence of aqueous NA 406 

concentrations on these factors has been previously modelled (Bertheussen et al., 2018a; 407 

Bertheussen et al., 2018b; Havre et al., 2003). Modelled plots of aqueous NA concentrations 408 

versus water pH exhibit sigmoidal geometries with inflection points at pK’a: 409 

 410 

𝑝𝑝𝐾𝐾𝑚𝑚′ = 𝑝𝑝𝐾𝐾𝑚𝑚 + 𝑝𝑝𝑃𝑃𝑤𝑤𝑤𝑤             Equation (2) 411 

 412 

Where pK’a is the pH at which half the NA of interest is in the aqueous phase, pKa is the  413 

negative logarithm of the NA’s acid dissociation constant, and pPwo is the  negative logarithm of 414 

Pwo, a constant representing the NAs partitioning between the crude oil and water phases, which 415 

accounts for NA dimers within the oil phase (Bertheussen et al., 2018b). As the solution pH 416 

increases, NAs are deprotonated, leaving behind charged conjugate bases that are more soluble 417 

in the aqueous phase. While this pH effect is readily observed for both CC- and DB-418 

contaminated samples (Figure 2), it is more pronounced in the latter due to the higher 419 

concentration of NAs in the DB source oil. We have previously reported pKa values for NA 420 

isomer classes to be in the range of 5.1–5.7 (Feehan et al., 2019). Such values are anticipated to 421 

result in a levelling of aqueous NA concentrations at pH > 8, depending on the value of pPwo, 422 

which varies across isomer classes (Bertheussen et al., 2018b). The fact that we do not observe 423 

such levelling has prompted further investigation. We found that the pH of the oil-contaminated 424 

water samples was substantially lower than the pH of the water prior to the addition of oil. For 425 

example, a water sample prepared with an initial pH of 8 was observed to have a pH 4.5 after 426 

prolonged contact with the oil (Table S1), presumably due, in part, to its NA content.  427 
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 428 
Figure 2. Total aqueous NA concentrations as a function of the initial (nominal) pH and salinity 429 
in DB- and CC-contaminated water samples, determined using CP-MIMS-ESI. With the 430 
exception of marine pH 10 & 12 and brackish pH 12 samples (which were prepared with NaCl 431 
solution), samples with solid colours were prepared with synthetic seawater at various dilutions 432 
(1, 10, 100, or 1000x) and/or with pH adjustment. Buffered samples (striped bars) were prepared 433 
with amino acid buffers in deionized water. Replicate analysis (n = 5) of the DB-affected pH 12 434 
freshwater sample yielded a relative standard deviation of 8% (added above for clarity).  435 
 436 

Details of the initial and final pH of solutions appear in Table S1. To better understand the 437 

relationship between pH and total aqueous NA concentrations, a series of well-buffered aqueous 438 

solutions was prepared. We found that buffered DB-contaminated samples had higher aqueous 439 

NA concentrations than unbuffered samples at the corresponding initial pH. Furthermore, 440 

increases in pH above 10 had relatively modest impacts on the total NA concentrations (striped 441 

bars, Figure 2). A plot of the relative abundance of NA isomer classes in the aqueous phase of 442 

buffered solutions (Figure S3) are consistent with the work of others, which showed pK’a at pH 443 

ca. 8–9 for most NA species (Bertheussen et al., 2018b; Havre et al., 2003). Conversely, in CC-444 

contaminated samples, the presence of a buffer had a less pronounced effect on aqueous NA 445 

concentrations over the pH range examined (striped bars, Figure 2). 446 

 447 

In general, the water-solubility of trace organic compounds decreases with increasing salinity 448 

(Schwarzenbach et al., 2016). However, this trend is not apparent for NAs in waters of varying 449 

salinity, as seen in Figure 2. In this case, aqueous NA concentrations appear to increase slightly 450 
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at elevated salinities for both CC and DB. The degree to which this trend occurs above and 451 

beyond our precision limits (±10 %) may be explained by either (1) greater chemical activity of 452 

NAs at higher salinity and (2) greater partitioning of NAs into the aqueous phase due to 453 

buffering capacity of waters with higher salinity. Higher chemical activity of NAs in saline 454 

solution would result in increased driving force for membrane transport (LaPack et al., 1990) and 455 

a positive bias in the final NA concentration. However, a control experiment where the CP-456 

MIMS steady-state signal of a NA standard solution was fortified with 3% w/w NaCl (48 457 

mS/cm) displayed no marked change in the signal intensity over a 20-minute sampling window 458 

(Figure S5). This suggests that changes to NA concentration is not an artifact of the measurement 459 

strategy. Instead, we propose that the increased buffering capacity of the marine and brackish 460 

waters provided a higher equilibrium pH, allowing more NAs to partition into the aqueous phase. 461 

Given the high pK’a reported for high MW NAs (Bertheussen et al., 2018b), which dominate the  462 

spectra of DB-contaminated samples (m/z 240–300; Figure S1), relatively small changes in pH 463 

between 11–13 can have significant impact on the resulting aqueous-phase concentration of high 464 

MW NAs.  465 

 466 



17 
 

 467 
Figure 3. (–)-ESI Mass spectra of the aqueous phase of DB- and CC-contaminated water 468 
samples in various buffered solutions. In general, overall signal intensity increased with 469 
increasing pH, accompanied by a concomitant increase in the average m/z of detected species. 470 
DF=Dilution factor of aqueous sample prior to analysis, NL: Normalization limit for MS signal 471 
intensity.  472 
 473 



18 
 

3.2 Polycyclic Aromatic Hydrocarbons (PAHs) 474 
 475 
In addition to analysis of NAs in oil-affected waters, we also screened for three PAH isomer 476 

classes and their corresponding C1–C4 alkylated analogs using CP-MIMS. The parent PAH 477 

isomer classes were C10H8 (Naphthalene; m/z 128) C14H10 (anthracene, phenanthrene; m/z 178), 478 

and C16H10 (pyrene, fluoranthene; m/z 202). Measurements were made using a LEI source and a 479 

single quadrupole mass spectrometer (PAHs measured as M+ ions) using a stopped-flow 480 

methodology to enhance sensitivity (Figure S4). This method exhibited parts-per-billion (μg/kg)-481 

level sensitivity, with limits of detection (LoDs) of ca. 1–2 μg/kg for the three PAH classes 482 

measured with an analytical duty cycle of ca. 5 mins/sample. Triplicate analysis of a 10 μg/kg 483 

standard of each naphthalene, anthracene, and pyrene gave signal relative standard deviation 484 

(RSD) of 9.5 %, 14 %, and 23 %, respectively. Aqueous concentrations of PAHs were in the 5–485 

100 μg/kg range, with both CC- and DB-contaminated samples exhibiting similar and low 486 

aqueous concentrations of anthracene-class (C14H10) and pyrene-class (C16H10) PAHs (5–20 487 

μg/kg). However, significantly higher concentrations of naphthalene (Figure 4A) were observed 488 

in waters contaminated with CC (ca. 80 μg/kg) compared to those with DB (ca. 25 μg/kg). This 489 

observation is consistent with the order of magnitude higher concentration of naphthalene in the 490 

parent CC oil over the parent DB oil at 432 mg/kg and 39.7 mg/kg, respectively (personal 491 

communication). No discernable trends were observed in aqueous PAH concentrations across the 492 

pH or salinity range tested. The lack of any observed effect of sample pH on the aqueous PAH 493 

concentration is expected, as these compounds lack functional groups that would impart pH-494 

dependent water-solubility. A reduction in the water solubility of PAHs in saline aqueous 495 

solutions is described by the Setchenow salting constants (Schwarzenbach et al., 2016).  In 496 

marine water samples (50 mS/cm) salt concentrations of ca. 0.5 M the PAH solubility is 497 

expected to be reduced by ca. 30 ± 2 %, however in brackish (5 mS/cm) and freshwater (0.5 498 

mS/cm) samples this effect quickly becomes negligible at 3% and 0.3% respectively (Table S5, 499 

Table S6). We do not believe increased membrane transport (as discussed for NAs) during 500 

analysis compensates for the reduced PAH concentration because the salinity of samples were 501 

levelled by 10–20 fold dilution and pH adjustment to 10.6 (0.4 mM NaOH) to prevent co-502 

permeation of NAs prior to analysis. Instead, we propose that any reduction in PAH 503 

concentration as salinity increases is insignificant relative to the precision reported here (Table 504 

S5). The measured relative standard deviation assessed from triplicate analysis of each diluted 505 
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CC- or DB-contaminated sample was less than 20% for naphthalene, but higher for anthracene 506 

and pyrene due to their lower concentrations present in these samples. 507 

 508 
Figure 4. Summary of CP-MIMS results for PAH and alkyl-PAH concentrations for the series of 509 
DB-and CC-contaminated water samples. A) Global average of naphthalene, anthracene class, 510 
and pyrene class concentrations for all salinities (n = 24 total, 3 for each salinity / pH 511 
combination) at pH = 2 and 8, error bars represent the standard deviation. B) Alkyl-naphthalene 512 
profile averaged across all samples at pH = 2, alkyl-naphthalene concentrations were calculated 513 
from the calibration curve for the parent PAH. C) Alkyl-anthracenes for all samples at pH = 2, 514 
concentrations were calculated from the calibration curve for the parent PAH. D) Alkyl-pyrene 515 
class profile for all samples at pH = 2, concentrations were calculated from the calibration 516 
curve for the parent PAH. 517 
 518 
Aqueous concentrations of C1–C4 alkyl-PAHs were also measured in oil-contaminated water 519 

samples by monitoring signal intensities at m/z M+14, M+28, M+42, and M+56, respectively, 520 

and quantifying the signals corresponding to the parent PAH (Figure 4 B to D). Alkyl-PAH 521 

isomers are not resolved, and their concentrations are expressed as an equivalent concentration of 522 

the parent PAH that would give rise to the same signal count. The aim of analyzing these alkyl-523 

PAH species is to provide additional, orthogonal data with which to distinguish oil types rather 524 
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than to provide absolute quantitation. For alkyl-naphthalenes (Figure 4B), we observe a distinct 525 

drop in relative concentrations for the CC-contaminated samples, from 80 μg/kg for naphthalene 526 

(C0) to 10 μg/kg for C4-naphthalenes. On the other hand, DB-contaminated samples exhibit a 527 

more constant profile between the parent- and alkyl-naphthalenes, each exhibiting concentrations 528 

of ca. 20–25 μg/kg. For the anthracene and pyrene classes, the concentrations are lower (0–20 529 

μg/kg) and any distinction between CC- and DB-contaminated samples is obscured (Figure 4C–530 

D).   531 

 532 

Given the negligible differences in PAH concentrations observed across the pH and salinity range, 533 

average concentrations across all replicates and salinities are shown in Figure 4 panel A). The 534 

aqueous concentrations of parent and methyl-naphthalenes appear to be roughly 3 times higher in 535 

waters contaminated by CC than in those contaminated by DB and one-way ANOVA showed 536 

significant difference in the mean naphthalene concentration between the two groups (p << 0.005), 537 

whereas differences in the concentrations of higher alkyl-naphthalenes are less significant. While 538 

it is clear that waters contaminated with CC have greater relative concentrations of naphthalene-539 

class PAHs than those contaminated with DB, the same cannot be said for the anthracene and 540 

pyrene classes. 541 

 542 
The PAH screening results presented here using LEI coupled with a single quadrupole mass 543 

spectrometer are limited by modest sensitivity and selectivity. While these limitations can be 544 

addressed using tandem mass spectrometry (vide infra), we have shown that use of a PDMS 545 

membrane is an effective on-line sampling strategy that effectively selects for neutral, 546 

hydrophobic analytes in complex samples (Vandergrift et al., 2019). Given the inherent 547 

advantages of using single quadrupole instruments for on-site applications (cost, ease-of-use, 548 

lack of collision gas, lower power requirements), we feel that the data presented here provides a 549 

useful screening application that has the potential to be mobilized to the field.  550 

 551 

3.3 Contamination Source Identification 552 
 553 

An advantage of direct mass spectrometry over other rapid screening techniques, such as 554 

Fourier-transform infrared spectroscopy (Meshref et al., 2020), is the wealth of molecular-level 555 

data (m/z) that mass spectrometry provides. Principal component analysis (PCA) is a data-556 
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reduction technique, which can be used to visualize differences in these large, multivariate 557 

datasets (Bro and Smilde, 2014). It has been employed to characterize and discriminate aqueous 558 

samples impacted by trace organic contaminants. For example, oil samples have been 559 

differentiated based on GC-MS measurements of PAHs and alkyl-PAHs (Ahad et al., 2015; 560 

Brown and Brown, 2012; Thavamani et al., 2012). Corilo et al. correctly identified the source 561 

tank on the MV Cosco Busan in the San Francisco Bay oil spill using differences in the polar 562 

component profiles (Corilo et al., 2013). Ross et al. have visualized differences in NA 563 

homologue profiles from oil sands process-affected waters, groundwaters, and pore waters (Ross 564 

et al., 2012), and we recently reported on changes in the CP-MIMS-derived mass profile of NAs 565 

as they were attenuated in constructed wetland treatment systems (Duncan et al., 2020). While 566 

CC and DB may be differentiated by the total concentrations of NAs or specific PAHs that they 567 

release to the aqueous phase under a set of reproducible conditions, in the event of an oil spill 568 

affecting an aquatic environment, such differentiation would be confounded by dilution. To 569 

demonstrate how water samples contaminated by different oil sources may be identified by 570 

profiling their water-soluble NAs with CP-MIMS, we performed PCA on the concentration-571 

normalized negative-ion ESI full scan mass spectral data for the series of oil-contaminated water 572 

samples in buffered solutions.   573 

 574 

The mass spectra presented above (Figure 3) were used to generate the score and loading plots 575 

shown in Figure 5. As can be seen in these spectra, as the pH of the water sample increases, the 576 

relative abundance of higher molecular weight ions increases. Also, the mass profile for the DB- 577 

and CC-contaminated samples at high pH center on different ions (m/z 251 and 199, 578 

respectively). In the PCA scores plot (Figure 5A), the first principal component (PC 1) 579 

discriminates the samples equilibrated under acidic and basic conditions, with low pH samples 580 

having positive scores on PC 1. The m/z values that drive this pH separation are shown in the 581 

loadings plot (Figure 5B), with lower m/z ions exhibiting higher positive loadings on PC 1. The 582 

two oil-types are discriminated on PC 2, with DB (circles) and CC (squares) having negative and 583 

positive scores on PC 2, respectively. As the mass profile in the DB-contaminated samples is 584 

centered at higher mass than that of the CC-contaminated samples, the m/z with high negative 585 

loadings on PC 2 (e.g., m/z 251/[C16H27O2]– and 237/[C15H26O2]–) and with high positive 586 

loadings on PC 2 (e.g., m/z 199/[C12H23O2]–) allow the different sources of NAs to be 587 
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discriminated. Unlike the CC-contaminated samples, where the mass spectra change very little as 588 

the pH increases in buffered water samples from 8.76 to 12.0 (Figure 3), the DB-contaminated 589 

samples contain larger NAs with higher pPwo values (Bertheussen et al., 2018b), and so the 590 

spectrum shifts significantly towards higher m/z between pH 8.76 and pH 10.47 as these heavier 591 

NA species move from the oil to the aqueous phase. This feature is again reflected in the scores 592 

plot, as the DB pH 8.76 sample has a less negative score on PC 2 than the DB samples at higher 593 

pH, while the CC samples at pH 8.76, 10.47, and 12.0 all cluster closely together. PCA was also 594 

applied to the entire range of sample pH (2–12) and salinity (0.05–50 mS/cm) series of 595 

unbuffered samples (Figure S6A). However, the pH drop occurring upon oil addition (Table S1) 596 

to these samples shifts their mass spectra towards lower mass and confounds separation between 597 

the Merichem standard, DB-, and CC-contaminated samples. An additional PCA model was 598 

generated using the high-pH (12) subset of these samples, after which a clear separation between 599 

Merichem, DB-, and CC-contaminated samples was observed (Figure S6B). 600 

 601 
Figure 5. PCA Scores (left) and loadings (right) plots for buffered CC- (squares) and DB- 602 
(circles) contaminated samples. Sample pH is indicated by fill colour, with red, orange, light 603 
green, dark green, and blue representing pH 2, 5, 8, 10, and 12, respectively. Intermediate pH 604 
(5, 8, and 10) samples were buffered with 10–25 mM glutamine (pH 8 and 10) or glutamic acid 605 
(pH 5). Samples equilibrated at high (8, 10, 12) and low (2, 5) pH separate along PC 1, with low 606 
m/z ions (e.g., m/z 157, 107) dominating low-pH samples and heavier ions (m/z 237, 251, 199) 607 
prevalent in high-pH samples. DB- and CC-contaminated samples separate along PC2, again 608 
with heavier ions (m/z 223–251) prevalent in the DB-contaminated samples and lighter ions (m/z 609 
171-199) prevailing in CC-contaminated samples. 610 

 611 

Given that diagnostic ratios of PAHs are readily used to differentiate sources without multivariate 612 

statistics (e.g. based on pyrene:naphthalene ratios), we elected not to conduct PCA on the 613 
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PAH/alkyl-PAH dataset (Tobiszewski and Namiesnik, 2012). We are currently developing more 614 

sensitive and selective variants of CP-MIMS for PAH analysis, as well as expanding the range of 615 

PAHs analyzed (Table S7), such that the PAH and NA datasets can be fused for improved 616 

chemometric discrimination of CC and DB contamination sources. In light of the speed and ease 617 

of the direct sampling CP-MIMS measurement technique (which enables high throughput 618 

analysis), we are encouraged by the ability to use full scan mass spectra to discriminate water 619 

samples impacted by spills of different commercial oils. 620 

 621 
3.4 Process Monitoring and Future Work 622 
 623 
By obviating sample clean-up, direct membrane sampling lends itself to high-throughput 624 

screening, which can provide a powerful complement to existing environmental analysis and 625 

forensics techniques, especially when large sample numbers are involved. With CP-MIMS, 626 

aqueous concentrations of NAs can be analyzed in as little as 10 min, and PAHs in as little as 5 627 

min. As demonstrated here, this approach provides both qualitative identification and 628 

quantitative determination of isomer classes. The selectivity may be further enhanced with 629 

modifications of the acceptor phase, ion source, and mass spectrometer. For instance, the 630 

selectivity for carboxylate ions can be improved by including Ba2+ in the acceptor phase through 631 

the formation of [RCOO–Ba]+ complexes, which can be monitored by tandem MS in positive-632 

ion mode ESI (Duncan et al., 2016b). Preliminary work using a liquid electron/chemical 633 

ionization (LEI/CI) source has measured PAHs as [M+H]+ ions; PAHs are protonated by 634 

CH3OH2
+ ions generated from auto-protonation of methanol in the LEI/CI source. This approach 635 

enhances sensitivity towards the target PAHs roughly ten-fold by enabling MS/MS monitoring 636 

(Table S7) of PAHs in the [M+H]+ → [M]+ transition (decreased noise), and also enhances 637 

selectivity by excluding detection of co-permeating isobars with proton affinity less than that of 638 

methanol. Preliminary work screening the oil-contaminated samples described in this manuscript 639 

show a similar quantitative pattern where CC-contaminated samples exhibiting significantly 640 

higher naphthalene concentrations (Figure S7). 641 

  642 

In addition to the rapid screening capabilities of direct, on-line mass spectrometric techniques 643 

such as CP-MIMS, these approaches also provide real-time information which can be used to 644 

assess dynamic changes in solution-phase concentrations. Figure 6 shows an example, raw 645 
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chronogram arising from simultaneous analysis NAs and PAHs in a single sample. To 646 

accomplish real-time data acquisition, the otherwise-wasted flow of analyte from a LEI/CI 647 

experiment (used for determining PAH concentrations) is directed to a second mass spectrometer 648 

equipped with an ESI source. In this dual-MS configuration, protonated anthracene (m/z 179) is 649 

detected immediately upon immersing the membrane probe into a combined standard solution at 650 

neutral pH (t = 8 min). The observed drift in the anthracene signal has not been corrected with 651 

the use of an internal standard. Under these conditions, the predominantly anionic naphthenates 652 

do not cross the PDMS membrane. Upon acidifying the sample to a pH of 3 (t = 17 min), the 653 

naphthenates become protonated, the NAs cross the membrane, and are subsequently detected in 654 

negative-ion mode as their corresponding [M–H]– ions simultaneously with the PAHs, by the 655 

ESI-MS and LEI-MS, respectively. By changing the conditions of the sample, such as pH, we 656 

can tune the analyte classes that can permeate the membrane. At t = 26 min, activated carbon is 657 

added to the sample with the membrane probe still immersed therein. The rapid drop in signal 658 

intensities observed for both PAHs and NAs, occurring after the addition of activated carbon, is 659 

attributed to the decrease in their aqueous-phase concentrations as they adsorb onto the surface 660 

of the sorbent. The rate and degree of signal decay can be used to directly monitor both kinetic 661 

and thermodynamic parameters of adsorption/desorption processes, thus providing a powerful 662 

experimental technique to rapidly assess and optimize the use of sorbents as spill-remediation 663 

materials. To our knowledge, this is the first demonstration of simultaneous monitoring of PAHs 664 

and NAs at trace levels using an online membrane sampling approach. 665 

 666 
 667 
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 668 
Figure 6. Real-time, simultaneous process monitoring of aqueous concentrations of NAs and 669 
PAHs. The CP-MIMS acceptor phase was passed through the PDMS capillary membrane at a 670 
flowrate of 50 μL/min, then passed through a 250 ESI:1 LEI/CI passive splitter. Both mass 671 
spectrometers responded to changes in the aqueous-phase concentrations of their analytes. At t 672 
= 8 min, 0.5 mg/kg Merichem (NAs) and 200 ng/kg anthracene are spiked into an aqueous 673 
sample at pH = 8. The anthracene signal (LEI/CI) rises immediately, however the NA signal 674 
does not rise until t = 17 min when the solution pH is adjusted to 3 to protonate naphthenates 675 
and allow NAs to pass through the membrane. At t = 26 min, 12.5 mg/g of activated carbon is 676 
added to the solution, and the signal intensities for both analyte classes decrease as they adsorb 677 
onto the carbon. 678 
 679 

4. Conclusions  680 

The aqueous concentrations of NAs and PAHs in DB and CC contaminated water samples across 681 

an initial pH ranging from 2 to 12 and salinities encompassing those found in marine through 682 

very freshwater types. The analysis was carried out directly in the sample using CP-MIMS and a 683 

simple analytical workflow, without the need for sample clean-up or chromatographic separation 684 

of analytes. The total aqueous concentrations of NAs spanned two orders of magnitude, from less 685 

than 0.025 mg/kg to nearly 25 mg/kg. Concentrations were significantly higher (~10x) in water 686 

samples exposed to DB versus CC oil. Concentrations of aqueous NAs exhibit a marked pH 687 

dependence, with considerably higher concentrations observed in basic solutions, consistent with 688 

the greater water solubility of their carboxylate forms. Several PAH classes (and their alkylated 689 
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analogues) were observed at concentrations below 100 µg/kg in all samples, with significantly 690 

higher aqueous concentrations (~3–4x) of naphthalene and (C1/C2) alkyl-naphthalenes observed 691 

in CC-contaminated water samples. PCA of fullscan, unit vector-normalized mass spectra of 692 

NAs enabled discrimination of waters impacted by CC, DB, and a commercial Merichem NA 693 

mixture, especially in alkaline waters where NAs are observed at higher concentrations.  694 

 695 

This work demonstrates the utility of membrane introduction mass spectrometry for two 696 

important contaminant classes using the pH dependent perm-selectivity to control membrane 697 

transport and different ionization strategies amenable to NAs and PAHs, respectively. These 698 

techniques are readily adaptable to in-situ screening of trace organics in a large number of 699 

samples and provides a foundation for their use in process monitoring and eventual mobilization 700 

to in-field analysis. One of the long-term goals of this work is to develop portable mass 701 

spectrometry-based analytical instrumentation that can be mobilized to the field to characterize 702 

natural waters or treatment systems. Such screening tools can be used in an adaptive sampling 703 

strategy to complement conventional techniques on a more limited subset of samples, if and 704 

where necessary. By minimizing sample clean-up and enabling on-line, direct analysis using 705 

selected-ion monitoring of both NAs and PAHs with single-quadrupole instrumentation, the 706 

techniques described here could be used to provide useful qualitative and quantitative 707 

information and support on-site decisions in the future.  708 

 709 

5. Acknowledgements  710 

This work was supported by the Natural Science and Engineering Research Council (NSERC) of 711 

Canada Discovery Grant Program funding RGPIN-2016-06454 (ETK) and RGPIN-2016-05380 712 

(CGG). The authors acknowledge Vancouver Island University and the University of Victoria 713 

for ongoing support of the Applied Environmental Research Laboratories and graduate students. 714 

We thank LifeLabs Burnaby Reference Laboratories for donating the Agilent 5975 mass 715 

spectrometer, and Agilent Technologies (Santa Clara, CA) for providing the 7010 tandem mass 716 

spectrometer. The authors would like to thank Ginevra Conte and Joshua Jai for their support 717 

with sample preparation and data analysis, respectively. L.J.H. and S.R.S. acknowledge the 718 

support of the Government of Canada’s Program for Energy Research and Development 719 



27 
 

(PERD), and the assistance of Craig McMullen, Derek Chao, and Dr. Qin Xin at NRCan, 720 

CanmetENERGY Devon.  721 



28 
 

References: 722 
Ahad JME, Jautzy JJ, Cumming BF, Das B, Laird KR, Sanei H. Sources of polycyclic aromatic 723 

hydrocarbons (PAHs) to northwestern Saskatchewan lakes east of the Athabasca oil 724 
sands. Organic Geochemistry 2015; 80: 35-45. 725 

Bayona JM, Domínguez C, Albaigés J. Analytical developments for oil spill fingerprinting. 726 
Trends in Environmental Analytical Chemistry 2015; 5: 26-34. 727 

Bertheussen A, Simon S, Sjöblom J. Equilibrium Partitioning of Naphthenic Acid Mixture Part 728 
2: Crude Oil-Extracted Naphthenic Acids. Energy & Fuels 2018a; 32: 9142-9158. 729 

Bertheussen A, Simon S, Sjöblom J. Equilibrium Partitioning of Naphthenic Acid Mixture, Part 730 
1: Commercial Naphthenic Acid Mixture. Energy & Fuels 2018b; 32: 7519-7538. 731 

Borden SA, Damer HN, Krogh ET, Gill CG. Direct quantitation and characterization of fatty 732 
acids in salmon tissue by condensed phase membrane introduction mass spectrometry 733 
(CP-MIMS) using a modified donor phase. Anal Bioanal Chem 2019; 411: 291-303. 734 

Bowman DT, Warren LA, McCarry BE, Slater GF. Profiling of individual naphthenic acids at a 735 
composite tailings reclamation fen by comprehensive two-dimensional gas 736 
chromatography-mass spectrometry. Sci Total Environ 2019; 649: 1522-1531. 737 

Bro R, Smilde AK. Principal component analysis. Anal. Methods 2014; 6: 2812-2831. 738 
Brown AS, Brown RJ. Correlations in polycyclic aromatic hydrocarbon (PAH) concentrations in 739 

UK ambient air and implications for source apportionment. J Environ Monit 2012; 14: 740 
2072-82. 741 

Brown LD, Ulrich AC. Oil sands naphthenic acids: a review of properties, measurement, and 742 
treatment. Chemosphere 2015; 127: 276-90. 743 

Clark KA, Pasternack DS. Hot Water Separation of Bitumen from Alberta Bituminous Sand. 744 
Industrial and Engineering Chemistry 1932; 24: 1410-1416. 745 

Corilo YE, Podgorski DC, McKenna AM, Lemkau KL, Reddy CM, Marshall AG, et al. Oil spill 746 
source identification by principal component analysis of electrospray ionization Fourier 747 
transform ion cyclotron resonance mass spectra. Anal Chem 2013; 85: 9064-9. 748 

Czarnecki J. Encyclopedic Handbook of Emulsion Technology. New York, NY: Taylor and 749 
Francis, 2001. 750 

Dew WA, Hontela A, Rood SB, Pyle GG. Biological effects and toxicity of diluted bitumen and 751 
its constituents in freshwater systems. J Appl Toxicol 2015; 35: 1219-27. 752 

Duncan KD, Letourneau DR, Vandergrift GW, Jobst K, Reiner E, Gill CG, et al. A semi-753 
quantitative approach for the rapid screening and mass profiling of naphthenic acids 754 
directly in contaminated aqueous samples. J Mass Spectrom 2016a; 51: 44-52. 755 

Duncan KD, McCauley EP, Krogh ET, Gill CG. Characterization of a condensed-phase 756 
membrane introduction mass spectrometry (CP-MIMS) interface using a methanol 757 
acceptor phase coupled with electrospray ionization for the continuous on-line 758 
quantitation of polar, low-volatility analytes at trace levels in complex aqueous samples. 759 
Rapid Commun Mass Spectrom 2011; 25: 1141-51. 760 

Duncan KD, Richards LC, Monaghan J, Simair MC, Ajaero C, Peru KM, et al. Direct analysis of 761 
naphthenic acids in constructed wetland samples by condensed phase membrane 762 
introduction mass spectrometry. Sci Total Environ 2020; 716: 137063. 763 

Duncan KD, Vandergrift GW, Krogh ET, Gill CG. Ionization suppression effects with 764 
condensed phase membrane introduction mass spectrometry: methods to increase the 765 
linear dynamic range and sensitivity. J Mass Spectrom 2015; 50: 437-43. 766 



29 
 

Duncan KD, Volmer DA, Gill CG, Krogh ET. Rapid Screening of Carboxylic Acids from Waste 767 
and Surface Waters by ESI-MS/MS Using Barium Ion Chemistry and On-Line 768 
Membrane Sampling. J Am Soc Mass Spectrom 2016b; 27: 443-50. 769 

Eide I, Neverdal G. Fingerprinting Bio-Oils from Lignocellulose and Comparison with Fossil 770 
Fuels. Energy & Fuels 2014; 28: 2617-2623. 771 

Feehan JF, Monaghan J, Gill CG, Krogh ET. Direct measurement of acid dissociation constants 772 
of trace organic compounds at nanomolar levels in aqueous solution by condensed phase 773 
membrane introduction mass spectrometry. Environmental Toxicology and Chemistry 774 
2019; 0. 775 

Fischer RJW, Hood AR, Inc. EP. Crude Petroleum Tariffs: Rules and Regulations Governing the 776 
Transportation of Crude Petroleum. National Energy Board, Ottawa, ON, 2008, pp. 2-6. 777 

Grewer DM, Young RF, Whittal RM, Fedorak PM. Naphthenic acids and other acid-extractables 778 
in water samples from Alberta: what is being measured? Sci Total Environ 2010; 408: 779 
5997-6010. 780 

Havre TE, Sjöblom J, Vindstad JE. Oil/Water‐Partitioning and Interfacial Behavior of 781 
Naphthenic Acids. Journal of Dispersion Science and Technology 2003; 24: 789-801. 782 

Headley JV, Peru KM, Barrow MP. Advances in mass spectrometric characterization of 783 
naphthenic acids fraction compounds in oil sands environmental samples and crude oil--784 
A review. Mass Spectrom Rev 2016; 35: 311-28. 785 

Hewitt LM, Roy JW, Rowland SJ, Bickerton G, De Silva AO, Headley JV, et al. Advances in 786 
distinguishing groundwater influenced by Oil Sands Process-affected Water (OSPW) 787 
from natural bitumen-influenced groundwaters. Environ Sci Technol 2020. 788 

Hounjet LJ, Stoyanov SR, Chao D. Distributions of diluted bitumen and conventional crude oil 789 
in a range of water types. Chemosphere 2018; 211: 1212-1218. 790 

Hua Y, Mirnaghi FS, Yang Z, Hollebone BP, Brown CE. Effect of evaporative weathering and 791 
oil-sediment interactions on the fate and behavior of diluted bitumen in marine 792 
environments. Part 1. Spill-related properties, oil buoyancy, and oil-particulate 793 
aggregates characterization. Chemosphere 2018; 191: 1038-1047. 794 

Hughes SA, Mahaffey A, Shore B, Baker J, Kilgour B, Brown C, et al. Using ultrahigh-795 
resolution mass spectrometry and toxicity identification techniques to characterize the 796 
toxicity of oil sands process-affected water: The case for classical naphthenic acids. 797 
Environ Toxicol Chem 2017; 36: 3148-3157. 798 

Johannessen SC, Greer CW, Hannah CG, King TL, Lee K, Pawlowicz R, et al. Fate of diluted 799 
bitumen spilled in the coastal waters of British Columbia, Canada. Mar Pollut Bull 2020; 800 
150: 110691. 801 

Kester DR, Duedall IW, Connors DN, Pytkowicz RM. Preparation of Artificial Seawater. 802 
Limnology and Oceanography 1967; 12: 176-179. 803 

King TL, Robinson B, Boufadel M, Lee K. Flume tank studies to elucidate the fate and behavior 804 
of diluted bitumen spilled at sea. Mar Pollut Bull 2014; 83: 32-7. 805 

King TL, Robinson B, Cui F, Boufadel M, Lee K, Clyburne JAC. An oil spill decision matrix in 806 
response to surface spills of various bitumen blends. Environ Sci Process Impacts 2017; 807 
19: 928-938. 808 

Kovalchik KA, MacLennan MS, Peru KM, Headley JV, Chen DDY. Standard method design 809 
considerations for semi-quantification of total naphthenic acids in oil sands process 810 
affected water by mass spectrometry: A review. Frontiers of Chemical Science and 811 
Engineering 2017; 11: 497-507. 812 



30 
 

Krogh ET, Gill CG. Condensed Phase Membrane Introduction Mass Spectrometry – Continuous, 813 
Direct and Online Measurements in Complex Samples. Advances in the Use of Liquid 814 
Chromatography Mass Spectrometry (LC-MS) - Instrumentation Developments and 815 
Applications, 2018, pp. 173-203. 816 

LaPack MA, Tou JC, Enke CG. Membrane mass spectrometry for the direct trace analysis of 817 
volatile organic compounds in air and water. Analytical Chemistry 1990; 62: 1265-1271. 818 

Lee K, Boufadel M, Chen B, Foght J, Hodson P, Swanson S, et al. The Royal Society of Canada 819 
Expert Panel: The Behaviour and Environmental Impacts of Crude Oil Released into 820 
Aqueous Environments. The Royal Society of Canada, Ottawa, ON, 2015, pp. 1-460. 821 

Lemkau KL, Peacock EE, Nelson RK, Ventura GT, Kovecses JL, Reddy CM. The M/V Cosco 822 
Busan spill: source identification and short-term fate. Mar Pollut Bull 2010; 60: 2123-9. 823 

Letourneau DR. Rapid Quantitative and Qualitative Screening of Naphthenic Acids in 824 
Contaminated Waters Using Condensed Phase Membrane Introduction Mass 825 
Spectrometry. Chemistry. Master of Chemistry. University of Victoria, Victoria, 2016, 826 
pp. 1-136. 827 

Long Y, Dabros T, Hamza H. Stability and settling characteristics of solvent-diluted bitumen 828 
emulsions. Fuel 2002; 81: 1945-1952. 829 

Masliyah J, Czarnecki J, Xu Z. Handbook on theory and practice of bitumen recovery from 830 
Athabasca oil sands, volume 1: Theoretical basis. Cochrane, AB, CA: Kingsley 831 
Knowledge Publishing, 2011. 832 

Masliyah J, Czarnecki J, Xu Z, Dabros M. Handbook on theory and practice of bitumen recovery 833 
from Athabasca oil sands, volume 2: Industrial practices. Cochrane, AB, CA: Kingsley 834 
Knowledge Publishing, 2013. 835 

Meshref MNA, Ibrahim MD, Huang R, Yang L, How ZT, Klamerth N, et al. Fourier transform 836 
infrared spectroscopy as a surrogate tool for the quantification of naphthenic acids in oil 837 
sands process water and groundwater. Sci Total Environ 2020; 734: 139191. 838 

Mossop GD. Geology of the Athabasca Oil Sands. Science 1980; 207: 145-152. 839 
Mullins OC, Sheu EY, Hammami A, Marshall AG. Asphaltenes, Heavy Oils, and Petroleomics. 840 

New York, NY: Springer, 2007. 841 
Ramirez CE, Wang C, Gardinali PR. Fully automated trace level determination of parent and 842 

alkylated PAHs in environmental waters by online SPE-LC-APPI-MS/MS. Anal Bioanal 843 
Chem 2014; 406: 329-44. 844 

Ross MS, Pereira AdS, Fennell J, Davies M, Johnson J, Sliva L, et al. Quantitative and 845 
Qualitative Analysis of Naphthenic Acids in Natural Waters Surrounding the Canadian 846 
Oil Sands Industry. Environmental Science & Technology 2012; 46: 12796-12805. 847 

Rundle KI, Sharaf MS, Stevens D, Kamunde C, van den Heuvel MR. Oil Sands Derived 848 
Naphthenic Acids Are Oxidative Uncouplers and Impair Electron Transport in Isolated 849 
Mitochondria. Environ Sci Technol 2018; 52: 10803-10811. 850 

Schwarzenbach RP, Gschwend PM, Imboden DM. Environmental Organic Chemistry. Hoboken, 851 
NJ, USA: John Wiley & Sons, 2016. 852 

Stout SA, Emsbo-Mattingly SD, Douglas GS, Uhler AD, McCarthy KJ. Beyond 16 Priority 853 
Pollutant PAHs: A Review of PACs used in Environmental Forensic Chemistry. 854 
Polycyclic Aromatic Compounds 2015; 35: 285-315. 855 

Stout SA, Wang Z. Standard Handbook Oil Spill Environmental Forensics: Fingerprinting and 856 
Source Identification: Springer, 2016. 857 



31 
 

Stoyanovich S, Yang Z, Hanson M, Hollebone BP, Orihel DM, Palace V, et al. Simulating a spill 858 
of diluted bitumen: Environmental weathering and submergence in a model freshwater 859 
system. Environ Toxicol Chem 2019. 860 

Strausz OP, Lown EM. The Chemistry of Alberta Oil Sands, Bitumens and Heavy Oils. Calgary, 861 
Alberta, Canada: Alberta Energy Research Institute, 2003. 862 

Termopoli V, Famiglini G, Palma P, Cappiello A, Vandergrift GW, Krogh ET, et al. Condensed 863 
Phase Membrane Introduction Mass Spectrometry with Direct Electron Ionization: On-864 
line Measurement of PAHs in Complex Aqueous Samples. J Am Soc Mass Spectrom 865 
2016; 27: 301-8. 866 

Termopoli V, Famiglini G, Palma P, Piergiovanni M, Rocio-Bautista P, Ottaviani MF, et al. 867 
Evaluation of a liquid electron ionization liquid chromatography-mass spectrometry 868 
interface. J Chromatogr A 2019a; 1591: 120-130. 869 

Termopoli V, Torrisi E, Famiglini G, Palma P, Zappia G, Cappiello A, et al. Mass Spectrometry 870 
Based Approach for Organic Synthesis Monitoring. Anal Chem 2019b. 871 

Thavamani P, Megharaj M, Naidu R. Multivariate analysis of mixed contaminants (PAHs and 872 
heavy metals) at manufactured gas plant site soils. Environ Monit Assess 2012; 184: 873 
3875-85. 874 

Tobiszewski M, Namiesnik J. PAH diagnostic ratios for the identification of pollution emission 875 
sources. Environ Pollut 2012; 162: 110-9. 876 

Tyler RH, Boyer TP, Minami T, Zweng MM, Reagan JR. Electrical conductivity of the global 877 
ocean. Earth, Planets and Space 2017; 69. 878 

Vandergrift GW, Krogh ET, Gill CG. Polymer Inclusion Membranes with Condensed Phase 879 
Membrane Introduction Mass Spectrometry (CP-MIMS): Improved Analytical Response 880 
Time and Sensitivity. Analytical Chemistry 2017; 89: 5629-5636. 881 

Vandergrift GW, Lattanzio-Battle W, Krogh ET, Gill CG. Condensed Phase Membrane 882 
Introduction Mass Spectrometry with In Situ Liquid Reagent Chemical Ionization in a 883 
Liquid Electron Ionization Source (CP-MIMS-LEI/CI). J Am Soc Mass Spectrom 2020; 884 
31: 908-916. 885 

Vandergrift GW, Monaghan J, Krogh ET, Gill CG. Direct Analysis of Polyaromatic 886 
Hydrocarbons in Soil and Aqueous Samples Using Condensed Phase Membrane 887 
Introduction Tandem Mass Spectrometry with Low-Energy Liquid Electron Ionization. 888 
Anal Chem 2019; 91: 1587-1594. 889 

Woudneh MB, Coreen Hamilton M, Benskin JP, Wang G, McEachern P, Cosgrove JR. A novel 890 
derivatization-based liquid chromatography tandem mass spectrometry method for 891 
quantitative characterization of naphthenic acid isomer profiles in environmental waters. 892 
J Chromatogr A 2013; 1293: 36-43. 893 

Yang Z, Hua Y, Mirnaghi F, Hollebone BP, Jackman P, Brown CE, et al. Effect of evaporative 894 
weathering and oil-sediment interaction on the fate and behavior of diluted bitumen in 895 
marine environments. Part 2. The water accommodated and particle-laden hydrocarbon 896 
species and toxicity of the aqueous phase. Chemosphere 2018; 191: 145-155. 897 

 898 
 899 


	Statement.pdf
	STOTEN-SpillPaperFINAL.pdf
	Abstract
	1. Introduction
	2. Materials and Methods
	2.1 Preparation of Oil-Contaminated Water Samples
	2.2 CP-MIMS Analysis of NAs and PAHs
	2.3 Analysis of NAs
	2.4 Analysis of PAHs
	2.5 Principal Component Analysis (PCA)

	3. Results and Discussion
	3.1 Naphthenic Acids (NAs)
	3.2 Polycyclic Aromatic Hydrocarbons (PAHs)
	3.3 Contamination Source Identification
	3.4 Process Monitoring and Future Work

	4. Conclusions
	5. Acknowledgements


